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Abstract Internal phosphorus loading has become a
major problem in many shallow freshwater lakes over
the past decades due to the build-up of phosphorus
stocks in the sediment. Iron is a natural capping agent
which can enhance sediment P binding capacity, thus
reducing P availability and shifting a lake from an
algal to a macrophyte dominated state. Iron could,
however, also impose toxic effects on the biota. We
therefore provide a synopsis of iron toxicity studies
and lake restoration measures using iron addition. Iron
toxicity studies revealed that, even though iron is an
essential nutrient for growth, when added in excess, it
can negatively affect aquatic organisms. We found 13
studies testing the effect of iron addition as a
restoration measure in the field (10) or using sediment
from lakes and reservoirs in the laboratory (3). Twelve
of the studies reported increased P retention after iron
addition, which depended on the iron salts used and
the concentrations added in two studies, whereas one
study found no effect on P retention. Eight out of the
nine field studies that reported biotic responses found
reduced chlorophyll concentrations in the water
column, whereas toxic effects of iron on organisms
remained absent. Iron addition was most successful
when external P loading, and concentrations of
organic matter and sulphate were low as well as
densities of sediment disturbing fish and crayfish. We
conclude that iron addition can be a successful
restoration method when these conditions are met.
Keywords Lake restoration  Iron  Internal P
loading  Toxicity
Introduction
The water quality of many freshwater lakes has been
declining since the second half of the twentieth
century due to high input of nutrients, mainly phos-
phorus (P) and nitrogen (N), often resulting in a shift
from a clear macrophyte dominated system to a turbid
algal dominated system (Søndergaard et al. 2003;
Smith and Schindler 2009). Various restoration mea-
sures have been proposed by both scientists and water
managers to combat these changes and return these
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lakes to their ‘natural’ situation which occurred prior
to these eutrophication events. Great efforts have been
made ever since, largely by reducing external input of
nutrients by either closing off nutrient rich input
sources or by pre-treating the nutrient rich water
before it enters the lakes (Klapwijk et al. 1982;
Jeppesen et al. 1991; Van Liere and Janse 1992). Yet a
full recovery has not been reached in many cases, as
restoration measures are often hindered by insufficient
reduction of external loading or by internal loading of
nutrients that have been building up in the lake
sediment during the decades of eutrophication (Cooke
et al. 1993; Søndergaard et al. 2003; Smolders et al.
2006).
One way to combat internal loading is by adding
chemical substances to a lake, such as aluminium,
calcium or iron, which naturally bind to P (Cooke et al.
1993; Burley et al. 2001; Smolders et al. 2006;
Kleeberg et al. 2013). Of these compounds, iron is a
compound that can be naturally found in high quan-
tities in lake sediments, but due to changes in water
regimes such as damming and excess use of ground-
water for agriculture, the input of iron-rich ground-
water has decreased in many areas and consequently
lake sediments have become iron depleted (Van der
Welle et al. 2007b; Lamers et al. 2015). The addition
of iron has frequently been used in the past for pre-
treatment of P-rich inlet water (Klapwijk et al. 1982;
Bootsma et al. 1999), but it has also successfully been
used in both mesocosm experiments and field appli-
cations to combat internal P loading by either adding
the iron to the lake sediment (Quaak et al. 1993; Boers
et al. 1994; Smolders et al. 2001) or to the surface
water (Jaeger 1994; Burley et al. 2001; Deppe and
Benndorf 2002; Hansen et al. 2003; Kleeberg et al.
2012). Although the effects of this restoration measure
on the chemical composition of lakes are well
documented, the effects on different parts of the food
web are often not reported.
By adding iron to a lake to bind to the excess P in
the system, the lake is expected to shift towards a clear
water and macrophyte dominated state (Smith and
Schindler 2009). When added in excess, however, iron
could also negatively affect organisms as iron in high
doses can be toxic. Different toxicity experiments
have been carried out in the laboratory, testing the
lethal doses (LC50) or effect doses (EC50) of iron on
various animals and plants. These investigations into
the impact of toxic metals have tended to rely only on
single species toxicity tests, whereas ecological effects
of iron addition, such as competition, plant-herbivore
interactions and predator–prey relationships eventu-
ally determine the ecosystem impact. In this synopsis
we will aim to combine both lines of research on iron
application (i.e. toxicity tests and restoration studies)
to indicate the potential effects of iron addition as a
restoration measure on different levels in the food
web, from individual species to a whole lake ecosys-
tem. First we will explore the direct and indirect
effects of iron on both primary and secondary
producers and assess the possible effects of iron
addition on the aquatic community composition. Next
we will evaluate lake restoration studies using iron and
determine guidelines for successful restoration, both
chemically and biologically.
Iron and its biotic environment
Primary producers
The addition of iron can have several different effects
on growth and reproduction of primary producers,
both direct and indirect (Wheeler et al. 1985; Snowden
andWheeler 1993; Lucassen et al. 2000). The element
iron can form covalent bonds with many nutrients. The
formation of these bonds with essential nutrients, such
as P, Mn, K, Ca, Mg and Zn, can lead to nutrient
limitation and consequently to nutrient deficiencies
within plants (Wheeler et al. 1985). On the other hand,
by forming covalent bonds with excess P or highly
insoluble metal-sulphides with sulphur (FeS or pyrite),
iron can improve water quality for plants and act as a
detoxification mechanism by reducing the availability
of phytotoxins to plants (Smolders et al. 2001). Iron
itself is also an essential nutrient for primary produc-
ers, where it is involved in photosynthesis, chlorophyll
synthesis, respiration and nitrogen assimilation (Lucac¸
and Aegerter 1993). The essentiality, however, is
limited to a certain concentration, after which iron
becomes toxic, the so called ‘window of essentiality’
(Walker et al. 2012). At low concentrations, iron
increases primary producers’ productivity, but at
elevated concentrations, iron can induce oxidative
stress on a cellular level and disrupt cell membranes,
proteins, pigments and even damage DNA, eventually
leading to death of the organism (Linton et al. 2007;
Sinha et al. 2009; Keller et al. 2012). Moreover, high
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metal concentrations within plants and algae can cause
metal binding to the cell wall, which could reduce
growth by inhibiting nutrient uptake or by efflux
pumping of metals at the plasma membrane (Spijker-
man et al. 2007).
Iron toxicity can also directly influence productiv-
ity and reproduction of plants by reducing leaf size or
causing leaf and shoot dieback, by forming necrotic
spots on leaves, by inducing root flaccidity and by
reducing root branching (Lucassen et al. 2000; Van der
Welle et al. 2007b). Until now these direct effects of
iron toxicity have only been observed for terrestrial or
emergent wetland plant species growing on sediments
with high iron concentrations of 50–68 mg L-1 and
109–438 mg g-1 in pore water or sediment, respec-
tively (Jones and Etherington 1970; Wheeler et al.
1985; Lucassen et al. 2000; Van der Welle et al.
2007a; Siqueira-Silva et al. 2012). Some wetland
species already show signs of iron toxicity at pore
water iron concentrations of 1 mg iron (Fe) L-1 (Batty
and Younger 2003). However, iron deficiency has also
been observed in wetland plants (Van der Welle et al.
2007a). Tests revealed that adding iron
(25–100 g Fe m-2) to the water column did not
directly affect growth and physical appearance of the
fully submerged aquatic species Elodea nuttallii
(Planch.) St. John, Potamogeton pectinatus L. 1753
(Immers et al. 2014), P. acutifolius Link 1818,
Stratiotes aloides L. 1753 (Van der Welle et al.
2006, 2007b), Myriophyllum aquaticum (Vell.) Verdc
(Kamal 2004) and the charophyte species Chara
virgata Ku¨tzing 1834 and C. globularis Thuiller 1799
(Immers et al. 2013). Experiments with macrophytes
growing in industrial metal-rich areas (8.6 mg Fe L-1
in surface water and 0.75 mg Fe g-1 sediment of
which 0.21 exchangeable Fe) also showed that aquatic
macrophytes were able to grow well without showing
any external abnormalities (Nayek et al. 2010). While
these macrophytes did not show any visible symptoms
of iron stress, the tolerance of aquatic plants to higher
iron concentrations (10–100 mg Fe L-1 in surface
water) has been found to be species specific and could
be negatively related to growth rate (Snowden and
Wheeler 1993; Nayek et al. 2010). At high availability
of sulphides, iron can become limiting for chlorophyll
formation, as indicated by chlorosis, which was
observed to occur in Stratiotes aloides at summer
concentrations of 0.11–0.25 mg Fe L-1 in the water
column and in the winter, when the plants are at the
sediment, sediment pore water concentrations were
0.38–0.98 mg Fe L-1 (Smolders et al. 1996) .
Effects of iron addition on phytoplankton have been
intensively investigated for oceans, where phyto-
plankton growth in areas with high nitrate concentra-
tions and low chlorophyll concentrations is highly
limited by iron (Martin et al. 1991). Iron addition in
oceans consequently resulted in an increase of phyto-
plankton growth and abundance (Martin et al. 1991;
Boyd et al. 2007). Freshwater systems, however, differ
greatly in nutrient composition and iron availability
and iron addition does therefore not necessarily yield
the same response in phytoplankton growth. Micro-
and macronutrient addition experiments by Downs
et al. (2008) showed that most phytoplankton in
freshwater lakes was limited by P, although growth of
certain heterocystous cyanobacterial species was pro-
moted by iron addition (1.6 mg Fe L-1 in a eutrophic
lake) due to the high Fe demands of these species for
nitrogen assimilation. In contrast, iron addition exper-
iments with the freshwater green algae Pseudokirch-
neriella subcapitata (Korshikov) F.Hinda´k 1990
showed that additions of 10 mg Fe2? L-1 and
25 mg Fe3? L-1 yielded lower growth rates com-
pared to control conditions without addition of iron
(Keller et al. 2012). Toxin production in cyanobacteria
can also be affected by iron, decreasing with higher
iron concentrations (Lucac¸ and Aegerter 1993), but
this response was not consistent for all tested
cyanobacterial species (Utkilen and Gjolme 1995).
Whereas iron addition could eventually alleviate
light limitation by returning the ecosystem to a
macrophyte dominated state with high water trans-
parency, iron can simultaneously precipitate as iron
hydroxides on plants and lake sediments, which in turn
could induce light limitation and inhibit growth of
both plants and periphyton (Gerhardt andWestermann
1995). Not only at the surface of the plants, but also in
the oxygenated sediment near the roots iron hydrox-
ides are formed, which can be visible as red plaques
coating the root surface. When iron concentrations in
the water column or sediment are high, excess uptake
of iron within plants may lead to the formation of toxic
reactive oxygen species (ROS) within cells (Sinha
et al. 2009). In order to avoid intracellular damage,
oxygen can be excreted at the tips of the roots, which
in turn reacts with dissolved iron to form iron
oxyhydroxides. The plaques could serve as iron
storage in case of iron shortage, serve as a protective
Aquat Ecol (2016) 50:121–135 123
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barrier against uptake of (other) toxic metals, but
could also inhibit the uptake of essential nutrients by
the roots (Snowden and Wheeler 1995; Siqueira-Silva
et al. 2012). However, the effectiveness of the
formation of root plaques as a protection against
hyper-accumulation of iron within cells is debated
(Siqueira-Silva et al. 2012).
Secondary producers
Even though animals require iron for haemoglobin in
blood cells and various enzymes (such as cytochromes
which are involved in ATP production) and use iron as
a detoxification mechanism against heavy metals
(Vuori 1995), iron can cause serious damage to
animals when concentrations reach beyond the win-
dow of essentiality. On a cellular level high iron
concentrations can disrupt cell membranes, damage
DNA and enhance lipid peroxidative damage through
the formation of ROS (Gerhardt and Westermann
1995). Moreover, iron may also affect behaviour or
life cycle strategies as high iron concentrations can
cause a decrease in number of offspring (Myllynen
et al. 1997), reduce the viability of offspring (Mylly-
nen et al. 1997; Van Anholt et al. 2002), increase
susceptibility to bacterial pathogens (Sealey et al.
1997) and interfere with digestion and consequently
reduce the uptake of nutrients (Gerhardt 1992; Van
Anholt et al. 2002). The severity of these effects is
strongly coupled to the concentration of iron encoun-
tered by the animal and differs greatly among species.
For instance iron-rich low pH mining lakes still
harbour rudimental benthic communities, where ben-
thic filamentous algae and a few species of zooplank-
ton and macro-invertebrates can survive at water iron
concentrations of 0.4–400 mg Fe L-1 (Wollmann
et al. 2000; Wollmann 2000; Kleeberg et al. 2006).
Direct toxicity tests
Many direct toxicity experiments have been carried
out to test the effect dose (EC50) and lethal dose (LC50)
of iron on both benthic and pelagic animals (Table 1).
These tests often used high concentrations of iron to
represent lakes or rivers which had been acidified or
polluted with heavy metals due to mining or other
industrial activities (Van Anholt et al. 2002; Verberk
et al. 2012). The results clearly show a big difference
in the response of the tested animals to iron
concentrations, even among species of the same order
(Table 1). The high variation could partly be
explained by variability in dissolved versus particulate
iron, iron speciation and water hardness among
studies, whereas additionally, possible effects of iron
addition on pH and concentrations of other toxic
metals were not always carefully separated. In the case
of Daphnia, for example, Biesinger and Christensen
(1972) showed that relatively low additions of FeCl3
impaired survival of both adult and young. Yet follow-
up experiments showed that Daphnia magna Straus
1820 and D. longispina O. F. Mu¨ller 1776 seemed
unaffected by higher dissolved iron concentrations and
that the particulate nature of the added iron sulphate
and the decrease in pH caused the mortalities and
reduced number of broods, not the toxicity of the metal
itself (Randall et al. 1999; Van Anholt et al. 2002).
Acute toxicity experiments with FeCl3 yielded low
LC50 values for other pelagic animals, such as for the
warm water fish Rasbora sumatrana Bleeker 1852 and
Poecilia reticulata Peters 1859 and the amphibian
species Duttaphrynus melanostictus Schneider 1799
(Shuhaimi-Othman et al. 2012a). Although iron addi-
tion showed physical damage within tissues of these
animals (Shuhaimi-Othman et al. 2012a), the animals
were tested in water with low water hardness, whereas
low water hardness is known to increase toxicity of
metals to organisms (Khangarot 1991). Moreover,
according to Randall et al. (1999), acute iron toxicity
rarely occurs in fish, but chronic toxicity might occur
after prolonged exposure.
Various benthic and pelagic macroinvertebrates
show a high tolerance for iron, such as the mollusc
Melanoides tuberculata Mu¨ller 1774 which could
withstand high iron concentrations by closing its
tightly sealing operculum (Gerhardt 1992; Shuhaimi-
Othman et al. 2012a). The mayfly Leptophlebia
marginata L. 1767 stopped feeding during the time
of high iron concentrations up to 50 mg Fe L-1 and
showed 95 % survival after 2 weeks (Gerhardt 1992).
However, after prolonged exposure to high iron
concentrations, the mayflies started to die due to
starvation and constipation (Gerhardt 1992). A big
difference was found between the different oligo-
chaete species and their tolerance for iron. Whereas
Tubifex tubifexMu¨ller 1774 and Branchioma sowerbyi
Beddard 1892 could withstand extremely high iron
concentrations (Mukhopadhyay and Konar 1984;
Khangarot 1991), Nais elinguisMu¨ller 1774 was only
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able to survive very low concentrations (Shuhaimi-
Othman et al. 2012a). Aquatic oligochaete species are
often used as environmental indicators for water
quality due to the fact that some species can withstand
highly polluted areas, whereas others are only found in
unpolluted areas (Chapman et al. 1982).
Iron toxicity under natural conditions
In iron toxicity studies iron and pH effects need to be
carefully separated, but during field experiments these
effects may occur together and could increase toxicity,
not to mention co-precipitation of other toxic metals.
Moreover, iron could precipitate as iron hydroxide,
which can alter food quality, food availability, habitat
structure and can attach to vital parts of animals,
resulting in stress and tissue damage in benthic feeding
macro-invertebrates and fish (Gerhardt and Wester-
mann 1995; Vuori 1995; Linton et al. 2007; Siqueira-
Silva et al. 2012). These indirect effects of iron
precipitates on macro-invertebrates and fish, plants,
lake sediment and other surfaces have shown to be
eventually more detrimental to animal growth than
possible toxic effects of iron within cell tissues
(Gerhardt and Westermann 1995; Vuori 1995; Linton
et al. 2007). Iron hydroxide precipitates, both above-
ground and belowground (iron plaque layers), can
decrease growth of food plants and when ingested can
attach to gill and gut membranes, disturbing animal
metabolism and mobility, thereby restricting foraging
behaviour (Rasmussen and Lindegaard 1988; Gerhardt
andWestermann 1995; Siqueira-Silva et al. 2012). Iron
hydroxide layers on the sediment could alter the
structure and quality of benthic habitats and destroy
spawning grounds for fish (Rasmussen and Lindegaard
1988; Gerhardt and Westermann 1995; Linton et al.
2007). Direct accumulation of iron precipitates on fish
and macroinvertebrate gills has led to restricted
respiration in various animals (Gerhardt and Wester-
mann 1995;Vuori 1995; Linton et al. 2007).Moreover,
precipitated iron deposits on eggs showed a decrease in
hatching success as the iron clogged the egg pores,
resulting in suffocation of the offspring (Vuori 1995;
Linton et al. 2007). Nonetheless, these negative effects
of iron precipitates on zooplankton and fish were not
observed during the iron addition experiment of Jaeger
(1994), even though the sediment was covered with an
ironhydroxide layer and surface water iron concentra-
tions reached 4 mg Fe L-1.
Effects of iron on community shifts
As shown in the previous paragraphs, iron can have
several positive and negative effects on species, both
primary and secondary producers. Therefore, iron
addition in the field could induce changes on a
community level due to the differences in iron
tolerance between species or groups of species. The
formation of iron precipitates on plants has for
example been observed to restrict the distribution of
various plant and periphyton species in streams (Vuori
1995). Therefore, differences in plant responses to iron
addition, both direct and indirect, might lead to a shift
in community composition, favouring growth of the
more iron-tolerant species. Iron addition could lead to
a higher abundance and diversity of endangered
macrophyte species as Geurts et al. (2008) showed
that the occurrence of endangered plant species such
as charophytes was related to high Fe:P ratios in the
sediment pore water of peat lakes. Additionally, the
germination of several charophyte species on peat
sediments was not hindered by iron additions up to
40 g Fe m-2 (Immers et al. 2014). Therefore, the shift
in community composition after iron addition would
not necessarily lead to dominance of fast growing
macrophyte species or algae.
Differences in iron tolerance between macroinver-
tebrate species has also been shown to affect commu-
nity composition. High iron concentrations in a Danish
lowland river led to a decrease in macroinvertebrate
taxa, with only the taxa Tubificidae, Chironomidae
and Tipulidae present, whereas the pollution sensitive
taxa Ephemeroptera and Plecoptera were confined to
areas with low iron concentrations (Rasmussen and
Lindegaard 1988). Diversity of macroinvertebrates
was shown to decrease at iron concentrations above
1.2 mg Fe L-1, but even at low concentrations of
0.2–0.3 mg Fe L-1 the number of macroinvertebrate
taxa decreased from 67 to 53 (Rasmussen and
Lindegaard 1988; Gerhardt and Westermann 1995).
Moreover, precipitations of iron on plants, periphyton
and sediments have shown to eliminate macroinver-
tebrate grazers that feed on biofilm and periphyton
(Rasmussen and Lindegaard 1988). Chapman et al.
(1982) showed that oligochaetes adapted to olig-
otrophic conditions were more tolerant to high metal
concentrations (mercury and cadmium) than species
adapted to eutrophic conditions. Nonetheless, metal
tolerance in macroinvertebrates changed with varying
126 Aquat Ecol (2016) 50:121–135
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environmental conditions, such as shifts in pH and
temperature (Chapman et al. 1982).
Higher iron requirements of certain species can also
induce community changes such as in phytoplankton
communities, where iron additions have caused a shift
towards N-fixing cyanobacterial species over green
algae (Downs et al. 2008; Molot et al. 2010). In this
case iron availability changed and the species with
higher iron requirements, such as heterocystous
cyanobacteria, could grow faster, resulting in a shift
in phytoplankton dominance (Downs et al. 2008;
Molot et al. 2010).
Lastly, iron additions can change communities due
to behavioural avoidance, as was shown by Verberk
et al. (2012) for two stickleback species. They
concluded that the three-spined stickleback showed
behavioural avoidance to areas with high iron con-
centrations, whereas the nine-spined stickleback pre-
ferred these areas. Nonetheless after iron
concentrations were reduced, the three-spined stick-
leback returned to the formerly iron contaminated
areas (Verberk et al. 2012). This non-lethal effect of
high iron concentrations on community composition
was also shown for other fish and benthic invertebrates
(Rasmussen and Lindegaard 1988; Gerhardt and
Westermann 1995; Vuori 1995; Randall et al. 1999).
While all previous mentioned consequences of high
iron concentrations could result in considerable
changes in the community composition of the aquatic
ecosystem and may lead to reduced diversity, excess
iron in the water could also bind to excess P in the
system, thereby shifting eutrophic ecosystems to
macrophyte dominated mesotrophic or oligotrophic
ecosystems with higher biodiversity (Jeppesen et al.
2012). Lower P concentrations in the water favour
macrophyte growth over phytoplankton growth,
resulting in increased water transparency.
Iron addition as a restoration measure
Chemical interactions
The goal of adding iron to the sediment or surface
water of a lake is to bind the available P, mostly in the
form of phosphate (PO4
3-) in the water and form a
‘phosphate-trap’ on the sediment–water interface.
However, the binding capacity of Fe is regulated by
the redox potential in the top layer of the sediment
(Lijklema 1977; Burley et al. 2001; Smolders et al.
2006). Under oxic conditions, oxidised ferric iron
(Fe3?) can freely precipitate with PO4
3-, but under
anoxic or reduced conditions, ferrous iron (Fe2?) is
formed and Fe partly loses its binding capacity and
consequently PO4
3- will be released from the sedi-
ment to the water layer (Mortimer 1941; Lijklema
1977; Cooke et al. 1993; Golterman 2001). Moreover,
high sulphate (SO4
2-) concentrations can facilitate
internal eutrophication by competing with PO4
3- for
anion adsorption sites, which ultimately results in
mobilisation of previously bound PO4
3- to the water
column (Smolders et al. 2006; Van der Welle et al.
2007a). Additionally, high SO4
2- reduction rates in
organic sediments lead to the formation of toxic
sulphides (S2-), which reduce the formed iron-phos-
phates to form FeSx (Smolders et al. 2006). Therefore,
Fe addition can only be successful in reducing internal
P loading when SO4
2- concentrations are low or when
sufficient Fe is added to cope with these SO4
2-
interactions (Lamers et al. 2002). A positive effect of
FeSx formation is that iron addition may also reduce
the amount of toxic sulphides, thus benefitting plant
growth (Van der Welle et al. 2006; Lamers et al.
2015).
The success of iron addition in order to regulate P
release can be calculated by using the Fe:P ratio in the
sediment pore water. Various ratios are suggested in
literature, ranging from a molar pore water ratio of
1–3.5 (Smolders et al. 2001; Zak et al. 2004; Geurts
et al. 2008), to a pore water ratio of 15 by weight
(Jensen et al. 1992), to a molar Fe:P ratio of 8–10 for
the sediment (Hansen et al. 2003; Geurts et al. 2008).
These values would need to be reached or exceeded to
enable P retention in the (oxidised) sediment.
Additionally, humic compounds can form stable hu-
mic-iron complexes with iron, which could inhibit the
formation of iron-phosphates and iron-oxides (Mylly-
nen et al. 1997; Zak et al. 2004; Spijkerman et al.
2007). Therefore, high concentrations of organic
matter and other chemical elements with high affili-
ation to Fe (such as sulphate) interfere with the aim of
P retention through iron addition. Iron addition in
organic-rich lakes does not increase P retention until
dissolved organic carbon (DOC) concentrations have
sufficiently decreased (Zak et al. 2004). Part of the
reactive Fe will bind to humic compounds, thereby
lowering the effective iron dose to immobilise sedi-
ment P.
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Lastly, due to the low pH of FeCl3, adding large
quantities of iron may lead to a drop in pH, which in
turn leads to increased solubility of other metals in
water. This may subsequently lead to problems for
aquatic organisms. To prevent a quick drop in pH and
direct effects of high iron concentrations during the
iron addition period on aquatic organisms, the speed of
addition should depend on the buffer capacity and
hydrological circumstances of the lake, resulting in a
gradual addition of iron over a longer term (months to
years). Another option is to add a buffer solution
during the addition of Fe (e.g. NaOH).
Lake restoration by iron addition: case studies
We found 13 iron addition studies which have been
performed in the past with the aim of lake restoration,
from which we discuss the results, both chemically and
biologically (Table 2). In 3 of these experiments iron
compounds were added to sediment cores in the
laboratory and in 10 field experiments (in lakes or
reservoirs) iron compounds were added either to the
sediment (2 occasions) or to the water column (9
occasions—oneusedbothwater and sediment addition).
Different iron salts have been added in field studies
as a restoration measure, which included FeCl3, FeCl2,
FeSO4 and Fe2O3, with or without extra aeration of the
lake (Quaak et al. 1993; Boers et al. 1994; Jaeger 1994;
Smolders et al. 2001; Hansen et al. 2003). P retention
increased in most studies using the iron salts FeCl2,
FeCl3, FeSO4, whereas it was barely affected after
addition of Fe2O3 (Smolders et al. 2001; Table 2).
Furthermore, in a direct comparison, addition of
FeSO4 resulted in less P retention compared to the
use of iron salts (Smolders et al. 2001). Both addition
of iron salts to the sediment and to the water column
yielded increased P retention (Table 2). The labora-
tory studies and several field studies indicate that the
sediment pore water Fe:P ratio determines the strength
of P release and retention (Burley et al. 2001;
Smolders et al. 2001; Hansen et al. 2003; Geurts
2010; Kleeberg et al. 2012; Immers et al. 2015).
Therefore, at first sight, the addition of iron to the
sediment seems more effective than in the water
column, even though in practice it is much easier to
add iron to the water column at a whole lake scale.
However, when added in the water column in the field,
strong precipitation of iron compounds was observed,
which co-precipitates both suspended organic material
as well as water column phosphorus, contributing to
reduced phytoplankton biomass and improved water
transparency (Jaeger 1994; Kleeberg et al. 2012;
Immers et al. 2015). Furthermore, the sediment–water
interface is dynamic, as there can be strong resuspen-
sion of sediments due to storms (e.g. Boers et al.
1994). Therefore, whether iron salts are applied in the
water column or sediment, there will be a continuous
exchange and redistribution of the added iron.
Whereas sediment resuspension can induce a flux
of P in the water column (Boers et al. 1994), it can
simultaneously result in new precipitation of water
column P through the temporary mixing of iron
particles in the water column. In the field studies the
added iron spread quite well horizontally, away from
the source of application throughout the water bodies,
either facilitated by injecting the iron salts into an
ascending water jet (Deppe and Benndorf 2002) or
through wind induced water circulation (Immers et al.
2015). For the vertical distribution of iron, stratifica-
tion plays a crucial role in the effect of iron additions.
When added in the water column in the epilimnion, the
iron does not reach the sediment and hence does not
reduce release of P from the sediment. Still during
thermal stratification, this can result in reduced P
availability in the water column, reduced algal growth
and improved water transparency (Walker et al. 1989).
However, upon erosion of the thermocline in the
course of the season, and complete mixing of the lake
or reservoir, the accumulated P in the hypolimnion is
released and can cause new algal blooms (Walker et al.
1989). Several lake restoration projects therefore
combine iron addition with breaking of the lake
stratification through the use of pumps, both to ensure
spread of the added iron throughout the water body
and to reach the sediment, as well as to increase
oxygen availability at the sediment–water interface
(Walker et al. 1989; Dahldorph and Price 1994; Jaeger
1994; Deppe and Benndorf 2002; Kleeberg et al.
2012).
Whereas enough oxygen availability is considered
a prerequisite for successful binding of P, the studies
that compared the effect of iron addition on P retention
with and without aeration or oxygen supply, did not
find evidence that more P was bound at enhanced
oxygen concentrations (Burley et al. 2001; Hansen
et al. 2003; Kleeberg et al. 2012). This may suggest
that there was still insufficient iron available despite
the addition (Hansen et al. 2003), P release was
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controlled by other processes (Burley et al. 2001) or
the amount of P that could be controlled by oxygen
availability was low compared to the total P loading
(Kleeberg et al. 2012). According to Kleeberg et al.
(2013), the success of iron addition was not hindered
by the redox sensitivity of iron when added in a
dimictic lake, as P was efficiently precipitated inde-
pendent of the nature of the oxygen supply. That is,
when iron was added to reach a sediment molar Fe:P
ratio of 7 or more (Kleeberg et al. 2013). This
condition will assure continuous P elimination inde-
pendent of oxygen supply, as both will be released
from the sediment in a ratio close to 1 and will co-
precipitate due to natural oxygenation processes
(Kleeberg et al. 2013). These results are in line with
a thorough analysis of the processes and field exper-
iments on the effect of aeration on P release and
retention by Hupfer and Lewandowski (2008), who
conclude that the oxygen availability at the sediment
surface can control the dynamics of the short-term P
release, but not the long-term P retention.
Nine field studies measured the effect of iron addition
on aquatic biota. Eight of these reported reductions in
phytoplankton abundance, often expressed as chloro-
phyll concentrations, concomitant with reduced P avail-
ability in thewater column (Table 2).One study foundno
effect on P availability nor phytoplankton abundance, as
these were demonstrated to be regulated by the high
densities of benthivorousfish in this lake (VanDonket al.
1994). Iron addition induced shifts in the phytoplankton
community composition in several studies, in particular
reducing the abundance and proportion of cyanobacteria
(Walker et al. 1989; Dahldorph and Price 1994; Immers
et al. 2015). As a consequence of increased water
transparency after iron addition, submergedmacrophytes
returned in several of the field studies (Dahldorph and
Price 1994; Immers et al. 2015), but not in others (Geurts
2010; Van derWal et al. 2013). In the latter, the presence
of high densities of benthivorous and sediment disturbing
fish and crayfish inhibited submerged macrophyte re-
appearance (Van Donk et al. 1994; Van der Wal et al.
2013) or sediments were deemed unsuitable for macro-
phyte growth due to anoxia (Geurts 2010).
Whereas high iron concentrations can have toxic
effects on both primary and secondary producers in
small scale laboratory experiments, these effects
remained absent during the restoration projects that
also monitored biological effects (Table 2). No fish
kills or visual damages of gills were observed during
or after iron addition and no adverse effects of iron
hydroxide particles were observed on zooplankton
(Jaeger 1994; Immers et al. 2015). One explanation for
this could be that the high iron concentrations used in
the iron toxicity studies in Table 1 are rarely reached
during restoration experiments with iron addition, as
dilution and chemical interactions quickly reduce the
concentration of dissolved iron in the system. For
example, addition of 33 and 250 g Fe m-2 to the
water column in studies by Immers et al. (2015) and
Kleeberg et al. (2012), resulted in dissolved iron
concentrations in the water column of only 0.3 and
0.2 mg L-1, respectively.
Lake restoration by iron addition: environmental
constraints
Although iron addition in the restoration studies
resulted in decreased P availability and chlorophyll
concentrations in most cases, the longevity of the
success of iron addition was in some cases cut short
due to a variety of factors influencing P concentra-
tions, phytoplankton abundance and macrophyte suc-
cess. The short-term success was in these cases due to
either high or ongoing external P loading (Boers et al.
1994; Immers et al. 2015), short water retention time
(Boers et al. 1994), resuspension of sediment during
heavy winds or seasonal disappearance of the ther-
mocline and mixing of the lake (Walker et al. 1989;
Quaak et al. 1993), a high population of planktivorous
and benthivorous fish (Van Donk et al. 1994) or
invasive crayfish inhibiting the development of sub-
merged macrophytes (Bakker et al. 2013; Van der Wal
et al. 2013; Table 2). Therefore, the success of iron
addition as a restoration measure is affected by
location specific confounding factors, which may
obscure the effects of iron addition itself.
The longevity of the success of iron addition also
appears to depend greatly on the type of lake. Addition
in soft-water lakes, reservoirs and dimictic lakes
yielded positive results for up to eight years (Dahl-
dorph and Price 1994; Jaeger 1994; Kleeberg et al.
2012; Table 2), whereas iron addition in alkaline lakes
proved to be only a temporary solution with increasing
water total phosphorous concentrations the year after
iron addition, due to high Fe depletion rates by
phosphate and sulphate and possible interactions with
humic compounds (Geurts 2010, Immers et al. 2015;
Table 2). For instance, in lake Groß-Glienicke
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(Germany) a high dose of at least 200 g Fe m-2 was
calculated to be needed to bind all potentially mobile P
and compensate for this co-precipitation of iron with
organic matter (Kleeberg et al. 2012). Therefore,
addition of iron in these lakes might need to be
repeated to ensure positive effects on water quality in
the long term. On the other hand, iron addition might
not be the most suitable measure for restoration of
lakes with high Fe depletion rates, which are generally
lower in lakes with sand or clay sediments. For that
reason, the choice of a certain chemical substance as
capping agent depends on specific site conditions, and
the use of other chemical substances, such as alu-
minium or lime, could in that case also be considered
(Cooke et al. 1993; Burley et al. 2001).
Based on the success and constraints identified in
the field studies, we can distil the following recom-
mendations on the use of iron addition as a lake
restoration measure. A system analysis should first
reveal that internal P loading is the largest source of
eutrophication, whereas external loading is already
sufficiently reduced. Furthermore, the water body
should not be subject to short retention times. The
water layer should be mixed to allow the added iron to
settle on the sediment. The chance of success is more
likely in water bodies with a sand or clay sediment
compared to organic sediments. Sediments high in
sulphate are unlikely to produce good results, at least
these will require higher iron dosing and more
frequent application. When high densities of plank-
tivorous and benthivorous fish or crayfish are present,
these should first be reduced. Iron chlorides seemmore
effective in P retention than Fe2O3 or FeSO4. The
appropriate dosing can be calculated based on a
complete nutrient balance of the shallow water body
and depends partly on the desired longevity of the
measure. Particularly in situations where the natural
iron supply has strongly decreased, for instance
through altered hydrology and reduced seepage, the
addition or iron should be considered as a measure that
needs to be repeated over time.
Conclusions
Differences in species response to iron addition might
lead to shifts in aquatic communities, favouring the
more iron-tolerant species. Nevertheless, various
experiments and lake restoration measures have
shown that iron addition is effective in lowering
surface water P concentrations, shifting the lake
towards a clear macrophyte dominated system without
hampering the germination and development of var-
ious endangered macrophyte species and no observa-
tions of toxic effects of iron. The longevity of these
positive effects depends strongly on environmental
conditions. Factors as external P loading, sediment
type (organic or not) and in particular sulphate
concentrations, lake stratification and biotic influences
of sediment disturbing fish and crayfish are important
in regulating P release and retention and may thus
limit the longevity of improved water quality after iron
addition.
We conclude that iron addition can be a successful
restoration measure to improve water quality when the
confounding environmental constraints can be effec-
tively dealt with.
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